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ABSTRACT 
In order to better understand chemical reactions affecting the subsurface transport of the 
widespread contaminant uranium (U), we present a numerical reactive transport model which 
explicitly incorporates variations in the 
238
U/
235
U isotope ratio. Bioremediation, the microbial 
reductive immobilization of aqueous U(VI) to solid U(IV), has been proposed as a U remediation 
technique. Both laboratory and field experiments have demonstrated that microbial reduction of 
U(VI) alters 
238
U/
235
U, producing a 
238
U-enriched solid U(IV) product. Other major U reactive 
transport processes do not fractionate isotopes significantly. This suggests the potential to 
quantify the extent of bioreduction occurring in groundwater containing U using 
238
U/
235
U as a 
compliment to the information gained through U concentration measurements.  
A recent study of a U bioremediation experiment at a contaminated DOE site in Rifle, 
Colorado, applied Rayleigh distillation models to quantify U stable isotope fractionation 
observed during biostimulation via acetate amendment. These simplified models have known 
inaccuracies and do not incorporate the complex hydrologic and geochemical aspects of the site. 
To more accurately interpret these measured U isotope ratios, we present a multi-component 
reactive transport model capable of reproducing observed trends in geochemistry and 
238
U/
235
U 
ratios from the field experiment. Model results suggest that the rate-limited transport properties 
of U in the Rifle aquifer are governed by the presence of low-permeability regions in the 
modeling domain and that these zones are responsible for the suggested “memory” effect 
observed in previous U isotope studies at this site. Accurate modeling of observed U isotope 
ratios is crucial to their use as a method of tracking bioremediation, and this study serves to 
advance the quantitative application of isotope systems in reactive transport.  
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1. Introduction 
The demand for uranium (U) for the production of nuclear weapons and power plants has 
left a legacy of groundwater contamination resulting from leaching of U mill tailings and ore 
stockpiles in many locations across the United States (Abdelouas, 2006). Given both its chemical 
and radiological toxicity, remediation of U contaminated water resources is of utmost importance 
to affected communities (Brugge et al., 2005). The redox sensitivity of U has been one focus of 
research as a remediation strategy, as the reduced tetravalent state, U(IV), is much less soluble 
than its oxidized hexavalent state, U(VI). Conversion of U to this insoluble state “remediates” 
the contaminated aquifer by reducing the aqueous concentration of U (Williams et al., 2011). It 
has also been shown that microbes present in contaminated aquifers can perform this reduction 
of U, allowing so-called “bioremediation” of a contaminated aquifer. In addition, microbes that 
reduce U have also been shown to change the ratio of the stable isotopes of U in a given system 
(Basu et al., 2014). In this study, we seek to explore U bioremediation processes using reactive 
transport modeling and an unprecedented dataset of U concentrations and U stable isotope 
measurements during a bioremediation experiment in a U contaminated aquifer. 
1.1. Uranium Reactive Transport 
Since the discovery of common metal reducing microbes capable of reducing U(VI) to 
insoluble U(IV), bioremediation of U contaminated aquifers has been an attractive prospect 
(Lovley et al., 1991). Stimulation of these microbes’ metabolism via injection of reduced carbon 
electron donor (e.g., acetate) and spreading via the natural groundwater gradient has been shown 
to reduce U concentrations in groundwater below the 0.126 μM concentration limit set by the 
EPA (Williams et al., 2011). U concentration data collected to monitor the progress of 
bioremediation have established a clear relationship between the presence of organic electron 
donor and a decrease in U concentrations. However, the concentration of U is often not directly 
indicative of microbial reduction given the complex reactive transport properties of the element. 
In addition to advection and dispersion, U species in solution are subject to adsorption, aqueous 
complexation, abiotic and microbial reduction, and oxidation—all of which serve to complicate 
the interpretation of U concentration data. Since aqueous concentration measurements are often 
the most readily available dataset for parameterization, calibration, and validation of field-scale 
reactive transport models, it is clear that an additional constraint on U bioreduction could 
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substantially improve the fidelity of quantitative models for heavy metal remediation. The results 
of this and other studies indicate that U isotopes could fill this role. 
In nature, U(VI) is usually present as the uranyl molecule, UO2
2+
, which exhibits strong 
complexation behavior with common groundwater constituents. The dominant U species in many 
U-containing natural waters are calcium-uranyl-carbonato ternary complexes (e.g. 
CaUO2(CO3)3) (Fox et al., 2006; Long et al., 2015). Variations in pH and concentrations of 
bicarbonate and Ca
2+
 change the distribution of U(VI) complexes, which in turn has significant 
effects on the extent of adsorption of U(VI) to sediment surfaces. For example, injection of 
bicarbonate into an aquifer containing aqueous and adsorbed U will cause more of the stable 
calcium-uranyl-carbonato aqueous complexes to form, which drives desorption of U from 
aquifer sediments—thus increasing aqueous U(VI) concentrations (Fox et al., 2012). Dissolved 
U(VI) concentrations at several U contaminated sites during desorption experiments driven by 
HCO3
-
 injection do not conform to rapid equilibration between dissolved U(VI) and adsorbed 
U(VI). It appears that many of the adsorption sites respond sluggishly to dissolved concentration 
changes. This phenomenon is referred to as “rate-limited” desorption, and it appears to be caused 
by limited physical connection between areas of high sorption site density and the faster-flowing 
zones of the aquifer which change rapidly in response to changing boundary conditions (Qafoku 
et al., 2005; Fox et al., 2012). 
Given that microbial metabolisms oxidize organic carbon to produce bicarbonate, 
biostimulation via organic electron donors will cause a cascade of complicated changes to the 
speciation of U in the aquifer. It is clear that an accurate description of U complexation, 
adsorption, and desorption pathways and their interactions is integral to the success of modeling 
U bioremediation. In addition, the interplay between these multiple processes affecting U 
concentrations highlights the importance of using multi-component reactive transport models to 
predict how changes to geochemistry will impact the fate and transport of dissolved U.  
1.2. Uranium Isotope Geochemistry 
Isotope ratios have been applied in many natural systems to track a multitude of chemical 
and transport processes for a variety of elements (Porowski, 2014). These ratios have proved 
useful due to the slightly different chemical properties of isotopologues of the same geochemical 
species—a phenomenon which causes isotopic fractionation, or the preferential enrichment of 
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one isotopologue into a given phase compared to another. The ratio of U isotope abundances has 
been proposed as a novel and complementary measurement to traditional concentration 
monitoring during bioremediation. The focus of the present study is the continued exploration of 
this ratio as a tracer for bioremediation through incorporation of U isotopes into a 
multicomponent reactive transport model. 
The two U isotopes of interest to bioreduction monitoring are the most abundant 
238
U 
(99.27% abundance) and 
235
U (0.72%). Like all U isotopes, 
238
U and 
235
U are radioactive, though 
they are essentially stable during acetate injection experiments given their long half-lives (t½ > 
7×10
8
 y) and the comparatively short timescales of microbial metabolisms and groundwater 
remediation. U isotope ratios are reported relative to the NIST CRM 112-A standard using delta 
notation: 
 𝛿 𝑈 
238 =  (
(
𝑈 
238
𝑈 
235 )
𝑠𝑎𝑚𝑝𝑙𝑒
(
𝑈 
238
𝑈 
235 )
𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
− 1)  × 1000‰ (eq. 1) 
where the 
238
U/
235
U ratio of the standard is 137.8492756 ± 0.000004. This notation is useful in 
that more positive values of δ238U indicate the enrichment of a phase in 238U relative to a 
standard, and more negative values indicate 
238
U depletion. 
There are two distinct processes that govern mass-dependent stable isotopic fractionation 
in a given system: equilibrium and kinetic fractionation processes. Equilibrium fractionation 
describes processes that have attained chemical equilibrium (i.e. the rate of forward reaction is 
equal to the rate of backward reaction). The small differences in bond energy between 
isotopologues can cause the increase of one isotope in a given phase of a material relative to 
another phase. These equilibrium processes can be described by a fractionation factor, αeq, 
defined as 
 𝛼𝑒𝑞 =  
𝑅𝑝ℎ𝑎𝑠𝑒 1
𝑅𝑝ℎ𝑎𝑠𝑒 2
⁄  (eq. 2) 
where R is the ratio of heavy isotope to light isotope in a given phase (e.g. reactant or product; 
sorbed or mobile). The fractionation associated with an equilibrium process may also be 
expressed as Δ, where  
 Δ =  δ𝑝ℎ𝑎𝑠𝑒 1 −  δ𝑝ℎ𝑎𝑠𝑒 2 (eq. 3) 
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The process that fractionates U isotopes during microbial reduction is considered a 
“kinetic” fractionation, in that there is a slight free-energy advantage to microbial reduction of 
the heavy isotope over the light. Traditionally in isotope geochemistry, fractionation of isotopes 
for a kinetic process are reported as a fractionation factor, αk, defined as 
 𝛼𝑘 =  
𝑘ℎ𝑒𝑎𝑣𝑦
𝑘𝑙𝑖𝑔ℎ𝑡
⁄  (eq. 4) 
where k is the rate constant of the fractionating reaction for the heavy or light isotope. Therefore, 
αk values greater than 1 indicate an enrichment of heavy isotopes in the product phase and less 
than 1 indicate an enrichment of heavy isotopes in the reactant phase. Often in kinetic 
fractionation processes, αk values are expressed as ɛ: 
 𝜀 = (𝛼𝑘 − 1) × 1000‰  (eq. 5) 
This is an efficient way to express the often small deviations from unity in the ratio between the 
rates of reaction of the different isotopes of an element. 
Basu et al. (2014) showed that reduction of U by environmentally relevant bacteria 
fractionated U isotopes, with 
238
U preferentially partitioned into the solid reduced phase. This 
results in a U(IV) reduction product enriched in the 
238
U isotope relative to the ratio in the 
reactant pool of aqueous U(VI). Conversely, Stylo et al. (2015) showed that abiotic reduction of 
U via multiple electron donors in laboratory experiments caused much less U isotope 
fractionation, in some cases producing 
238
U-depleted products. 
Recent laboratory studies have shown that there is a slight equilibrium fractionation (Δ = 
-0.17‰) of 238U/235U when adsorbed to aquifer material, with the adsorbed phase depleted in 
238
U (Jemison, 2015). However, this equilibrium fractionation is much lower in magnitude than 
the expected kinetic fractionation from microbial U reduction (ɛ = ~0.8‰) (Basu et al., 2014). In 
a field experiment, Shiel et al. (2013) showed that no δ238U variation was detected beyond 
background variation during desorption from sediments. Wang et al. (2015) showed that the rates 
of isotopic equilibration between reduced U(IV) phases and aqueous U(VI) phases occurred on 
extremely long time scales. We therefore assume that U(IV) subject to bioreduction will retain 
its enriched 
238
U signature, and that variations in the aqueous U(VI) isotope ratio are not due to 
isotopic re-equilibration between the pools of U. Since variation in 
238
U/
235
U in groundwater is 
insensitive to the other major processes affecting U concentrations, observed isotopic changes 
are a robust indicator of microbial reduction. Therefore, U isotope measurements have the 
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potential to improve our understanding the efficacy of bioremediation experiments and the 
relative importance of different reactive pathways controlling U concentration in contaminated 
aquifers. 
Including isotopes in reactive transport models has proved integral to past investigations 
of complex geochemical processes, such as the onset of sulfur reducing microbial activity 
(Druhan et al., 2012) and carbonate mineral precipitation (Druhan et al., 2013). While several 
studies have built full mechanistic reactive transport models of U bioreduction experiments, the 
following is the first attempt to explicitly model the effectively stable isotopes of U within a 
reactive transport code. In doing so, we are uniquely able to investigate the rate of microbial 
reduction and extent of bioremediation beyond the constraints provided by U concentration 
measurements alone. 
1.3. Motivation of Present Study 
The present modeling effort utilizes a very well-instrumented, U contaminated site in 
Rifle, Colorado. The Old Rifle site is a former location of a U mill that has been a focal point of 
U bioremediation research since the late 1990s (see section 2.1). This site represents a best case 
scenario of tracking U contamination given the ability to sample over unprecedented spatial and 
temporal resolutions. This study uses a dataset collected during a field scale experiment at the 
Rifle site in 2010 (“Super 8”) designed to investigate the capacity for in situ microbes to reduce 
U and thus lower groundwater U concentrations in the aquifer.  
In addition to a suite of geochemical data, both background and downgradient U isotope 
data are available from the Super 8 remediation experiment. Bopp et al. (2010) showed that U 
isotopes could be used to track bioremediation of U contamination in an earlier field 
experiment—though this study was limited to the analysis of the earliest time points of microbial 
reduction. Building on these findings, Shiel et al. (in review) generated a much larger dataset of 
U isotope measurements during multiple phases of the Super 8 experiment, including the 
recovery to background U isotope values after acetate amendment ceased. The authors proposed 
a variety of Rayleigh distillation models to support the hypothesis that 
238
U/
235
U ratios track U 
microbial reduction in a straightforward manner. Rayleigh distillation assumes a closed system, 
where the fractionating process of interest is irreversible and singularly alters the observed 
isotope ratio values. The Rayleigh distillation assumption did not fit the lowest U concentration 
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time points. Under Rayleigh assumptions these values have been heavily fractionated (δ238U 
≈ -3.5‰), yet they remained only slightly depleted in 238U (δ238U ≈ -1‰) (Figure 1).  
Shiel et al. (in review) hypothesized that the misfit of Rayleigh models to the 
observations stemmed from a low concentration source of desorbing, unfractionated U, which is 
consistent with prior observations of “rate-limited” desorption of U at the Rifle site (Fox et al., 
2012). A simple modification to the Rayleigh models was constructed to simulate this process 
and allowed a better fit to the data. However, the Shiel et al. (in review) models were highly 
idealized and uncalibrated with respect to aquifer properties and the entirety of the concentration 
dataset. Rayleigh models are known to be inaccurate when applied to real aquifers with 
dispersive mixing of waters and spatially varying flow and reactivity (Abe and Hunkeler, 2006; 
Breukelen and Prommer, 2008; Green et al., 2010; Zatwarnicki, 2014). This approach to 
modeling isotopic fractionation may be valid for well-controlled laboratory experiments. 
However, in natural systems, the assumptions of the Rayleigh model readily break down and 
thus the conclusions of Shiel et al. (in review) were somewhat limited. 
In the present study, we develop a more rigorous interpretation of the Shiel et al (in 
review) data set by constructing a reactive transport model that includes U isotopes. The current 
study directly tests the hypothesis that a more accurate description of the site’s flow regime, 
geochemistry, and especially U desorption behavior is necessary to quantify the changes to U 
isotope ratios during microbial reduction. This is accomplished through construction of a multi-
component numerical reactive transport model with the capability to explicitly simulate U 
isotope partitioning. Our approach allows direct investigation of the observed aquifer “memory 
effect” hypothesized by Shiel et al. (in review). It also demonstrates the usefulness of U isotope 
measurements to identify and quantify the reactive pathways contributing to U bioremediation 
with a set of assumptions more appropriate than those of a Rayleigh distillation model. While the 
model presented here is specifically constructed for the Rifle system, it serves as a demonstration 
of the necessary considerations that must be made when interpreting field U isotope ratio 
measurements in bioreduced systems, as well as information that U isotope ratios provide in 
addition to concentration measurements to quantify U fate and transport in contaminated 
groundwater systems. 
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2. Site Specific Background 
2.1. Field Site 
The Department of Energy Integrated Field Research Challenge (IFRC) site in Rifle, 
Colorado, is a shallow alluvial aquifer in the Colorado River floodplain and the former location 
of a U ore processing facility and associated tailings piles. Persistent elevated U concentrations 
in the shallow aquifer led to the selection of this site as the location for intensive investigations 
of remediating groundwater contaminated by U. The Rifle IFRC site has been instrumented with 
numerous well galleries to implement and monitor these remediation experiments. The Colorado 
River periodically inundates the area during flooding events, though the site remained unflooded 
for the duration of the modeled field experiment. The geology of the Rifle aquifer and well 
construction in the sampling array are discussed in detail elsewhere (US DOE, 1999). Briefly, 
the aquifer consists of approximately six meters of alluvial sediments composed mostly of 
unconsolidated silt, sand, and cobble gravel. Underlying the Rifle aquifer is the effectively 
impermeable Wasatch Formation. The former presence of U ore and tailings piles resulted in a 
relatively constant background contamination of aqueous U (generally varying between 1.05 and 
0.63 μM) in the shallow alluvial aquifer, above a regional background of 0.15 μM (US DOE, 
1999). The Super 8 experiment was carried out on plot C, a previously unaltered well gallery 
(Figure 2). Plot C consists of an array of wells, with a row of 10 acetate injection wells (CG), a 
row of 3 bicarbonate injection wells (CA), several observation wells upgradient from the acetate 
injection wells (CU), and a gallery of 16 observation wells 2 to 8 meters downgradient from the 
acetate injection wells (CD). The rows of injection and monitoring wells are oriented 
perpendicular to the average direction of groundwater flow, allowing for the observation of the 
effects of acetate and bicarbonate amendments as they are transported via the natural 
groundwater gradient. 
The basis for this modeling study is the array of geochemical and isotopic measurements 
of groundwater samples taken during the Super 8 injection experiment reported by Long et al. 
(2015) and Shiel et al. (in review). One benefit of using the Super 8 experiment is that there are 
data from both acetate-only and of bicarbonate+acetate injections completed at the same time on 
different sides of the same experimental plot with the same background geochemical conditions. 
The present study focuses on developing a reactive transport model for observations from the 
CD-01 well, 2 m downgradient from the acetate injection array on the acetate-only side. We then 
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apply this model to other portions of Plot C to determine if our assumptions for well CD-01 hold 
true for the other wells in the experimental plot. 
2.1.1. Injection Experiment 
The Super 8 experiment conducted on plot C at the Rifle site involved the injection of 
acetate as an electron donor to stimulate microbial reduction of U. Table 1 contains a summary 
of the timing and concentrations of the injection. The experimental conditions and geochemical 
analyses are described briefly here, and elsewhere in much greater detail (Shiel et al., in review; 
Long et al., 2015). Super 8 injectate is composed of groundwater pumped out of upgradient well 
CU-01 and amended with sodium acetate and sodium bromide to obtain concentrations of 50mM 
and 20mM, respectively. This mixture was added to a row of 10 injection wells (CG-01 through 
CG-10) to achieve an average ratio of groundwater to injectate of 10:1 in the well. Cross-well 
mixing between the CG injection wells was employed to ensure an even injection front. In a 
separate tank, sodium bicarbonate and deuterated water were added to CU-01 water to obtain a 
concentration of 50mM and a water isotope composition (δ2H) of ~380‰. This water was 
injected into a separate injection array, positioned to affect only the western half of the plot 
(Figure 2). 
The Super 8 experiment was primarily conducted to compare “acetate only” and “acetate 
+ bicarbonate” conditions during microbial immobilization of U. As such, wells CA-01 though 
CA-03 received the injection of bicarbonate and deuterium tracer, designed to affect only the 
western half of the plot (i.e. not the well of primary interest to this study, CD-01). Previous 
papers have implicated this bicarbonate injection as a cause of spikes in total inorganic carbon 
(TIC) observed in the acetate-only well CD-01, though this is unlikely (see section 4.2). 
The geochemical and isotopic dataset collected from Rifle well CD-01 during the Super 8 
experiment is unparalleled in its temporal resolution. The dataset contains measurements of pH, 
TIC, major and minor ions (e.g. Ca
2+
, Cl
-
, Sr
2+
), redox-active species (e.g. SO4
2-
, Fe
2+
), aqueous 
U concentrations, and U isotope ratios. The details of these geochemical and isotopic analyses 
are discussed in Shiel et al. (in review). 
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2.2. Previous Modelling of the Rifle Field Site 
The great abundance of monitoring data at Rifle has supported the development of 
several site-specific reactive transport models, each uniquely focused on components of the site’s 
hydrology, chemistry, and biology. Fox et al. (2012) built upon previous modeling efforts 
(Greskowiak et al., 2011; Hyun et al., 2014) to develop a “rate-limited” model of U(VI) 
desorption from aquifer sediments, that is a model in which the pools of adsorbed and aqueous 
U(VI) are not in immediate communication. This approach followed the observation that 
“equilibrium” modeling (i.e. instantaneous) desorption of U through injected alkalinity resulted 
in overestimates of both the rate and magnitude of desorption relative to measured values at 
Rifle. Using the PHREEQC software (Parkhurst and Appelo, 1999), the authors developed a 1D 
reactive transport model including an “immobile” component, where each grid cell of the model 
contains an associated stagnant reservoir in which U adsorption occurs. The interaction of these 
immobile subdomains with the mobile domain is then governed by a distribution of mass transfer 
coefficients with a calibrated mean and standard deviation.  
This model approach for U desorption at Rifle by Fox et al. (2012) follows previous 
investigations of rate-limited U sorption at the Hanford 300 site by Greskowiak et al. (2011). In 
this work, the authors compared models for U adsorption based on physical disequilibrium and 
chemical disequilibrium. Greskowiak et al. (2011) argued in favor of a physical disequilibrium 
model (i.e. diffusion-limited mass transfer) in which equilibrium sorption reactions occur, rather 
than a chemically rate-limited system. They and others postulated that diffusion limited 
microporosity contained within intragrain microfractures, clay coatings, and clay aggregates in U 
contaminated aquifers are the primary reservoirs of sorbed U, and as such the physical 
disequilibrium approach is most suitable (Hay et al., 2011). They supported this inference with 
lab-scale desorption experiments using contaminated sediments, which were reproduced more 
effectively by the physical rather than chemical disequilibrium approach. This is further 
exemplified by the minor flow retardation exhibited by non-sorbing solutes in the same 
sediments; since the total porosity of the diffusion-limited zones is low compared to the 
advective zones, there is little solute diffused into these regions. The combination of U isotope 
work by Shiel et al. (in review) and rate-limited desorption modeling work by Fox et al. (2012) 
informs the motivation behind this study, where the rate-limited mobility of U from low-
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permeability zones may be necessary to correctly interpret measured U isotope ratios, and thus 
apply them to track microbial U reduction in aquifers. 
Yabusaki et al. (2011) also indicated that “fine” lithofacies at the Rifle site had the 
greatest impact on adsorption of aqueous U, and that these zones were interspersed between 
quickly advecting zones of sandy gravel. This study used a reaction network developed from a 
1D model of Rifle by Fang et al. (2009) and expanded to a 3D domain using a parallel-processed 
version of the STOMP software (White and Oostrom, 2006). In a recent study using the same 
base model, Long et al. (2015), developed a plot-scale 3D simulation of the Super 8 injection 
experiment. It had previously been reported that an increased percentage of calcium-uranyl-
carbonato complexes led to decreases in U bioreduction rates (Stewart et al., 2007). However, 
Long et al. (2015) found that injection of bicarbonate together with acetate increased the 
reduction rate of U, independent of differences in U aqueous concentration. The findings from 
this modeling study again underscore the importance of using reactive transport models to track 
the intertwined processes occurring within the Rifle aquifer during these experiments. This study 
also shows the complexity of attempting to draw conclusions about U reduction based solely on 
concentration measurements, and therefore the importance of investigating U isotopes as a 
potential tracer for bioreduction. 
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3. Reactive Transport Model 
For this study, we developed a process-based numerical reactive transport model using 
CrunchTope, an extension of the CrunchFlow software with an expanded ability to simulate 
individual isotopes of a given element through a variety of reaction pathways (Druhan et al., 
2013; Druhan et al., 2014a; Wanner et al., 2014; Rasouli et al., 2015). Our modeling efforts were 
focused on observation well CD-01 (Figure 2), and the model domain represents the flow path 
from the injection wells 2 meters upgradient, CG-01 and CG-02. The majority of recent studies 
have focused on entire plot-scale models of Rifle (e.g. Bao et al., 2014; Long et al., 2015), and as 
such the model parameter values for our 1D domain may not be directly comparable. However, 
the reaction networks of these recent models and ours are nearly identical, and include all the 
same major processes affecting U concentrations in the Rifle system. 
In order to test U isotope behavior during the Super 8 experiment, a series of quasi-1D 
(see section 3.3) models were developed: a model with homogeneous permeability and several 
models including no-flow regions with varying lithology. All models were developed in tandem 
with identical reaction networks, boundary conditions, and initial conditions. The output of these 
models are compared to observe the effect of non-advective regions that are present in the 
heterogeneous model to test the “memory effect” proposed in Shiel et al. (in review) and the 
“stagnant reservoir” proposed in Fox et al. (2012). Injections were simulated by specifying the 
upgradient boundary condition to include elevated concentrations of acetate and bromide 
appropriate for the experiment and accounting for a 10:1 dilution with background flow. Model 
inputs for initial and boundary concentrations of primary aqueous species are summarized in 
Table 2. Flow velocity was fit using the non-reactive bromide tracer in a uniform pressure field 
resulting in a groundwater velocity of approximately 15 cm/day. Longitudinal dispersion was set 
to 10.0 cm, which is similar to values used in other field scale Rifle models. Stoichiometry and 
thermodynamic constants of aqueous complexes for our models are summarized in Table 3. Our 
reaction network also includes a competitive cation exchange model in order to accurately 
reproduce the observed shifts in concentration of the major cations in solution (Appelo and 
Postma, 2005). This is necessary given the effect these solutes have on U aqueous complexation 
and therefore its mobility (Table 4). Fe
2+
 also displays strong adsorbtion behavior, and this was 
modeled using a surface complexation model separate from cation exchange. U(VI) adsorption is 
modeled separate from cation exchange with a distinct surface complexation model, discussed in 
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section 3.1. Precipitation and dissolution of key solid phases are also simulated via “transition 
state theory” (TST), and phases and rates are summarized in Table 5 (Lasaga, 1984). 
In addition to the abiotic chemistry of the Rifle system, the CrunchTope model presented 
here simulates the metabolisms and growth of two biomass system: iron-reducing bacteria 
(FeRB) and sulfate reducing bacteria (SRB). The anabolic and catabolic pathways and modeling 
parameters associated with these microbial pathways are summarized in Table 6. Microbial 
characterization of the Rifle aquifer has shown that direct enzymatic reduction of U(VI) is 
primarily driven by FeRB populations (Anderson et al., 2003). Thus we use the FeRB fraction in 
the calculations of U(VI) reduction rate via a dual-Monod process discussed further in section 
3.2. 
The models we present here were fit to observed data with parameter values generally 
within ranges of previously published studies. This was accomplished stepwise, such that better 
constrained parameters (e.g. conservative flow tracer, major ion chemistry) were fit first, 
followed by less constrained parameters (e.g. rates of reaction). Where multiple parameters 
needed to be varied in order to reproduce observations accurately (e.g. FeRB biomass and FeRB 
reduction rate), PEST parameter optimization software was used to find the optimal set of co-
varying parameters (Doherty, 2007). A summary of the parameters used to simulate the various 
parts of the reaction network is given in Table 7. 
3.1. U(VI) Surface Complexation 
Adsorption is a major process controlling U(VI) mobility in natural groundwater systems. 
The current simulations employ a surface complexation model (SCM) based on Dzombak and 
Morel (1990) and the specific complexing reactive pathways and parameter values reported by 
Hyun et al. (2009). These reactions were constrained by experimetnts utilizing a sample set of 
sediments dredged from the Rifle site and include weak and strong adsorption sites, and two 
adsorbing U(VI) species (Table 8). Since CrunchTope does not allow surface complexation on 
the bulk aquifer material as is used in Hyun et al. (2009), U(VI) surface complexation was 
modeled using the mineral size fraction and specific surface area of the quartz mineral phase, 
which makes up the vast majority of the solid phase.  
Shiel et al. (2013) reported that there is no systematic shift in the U isotope ratio during a 
desorption experiment at Rifle. As such, the two isotopes are treated exactly the same by the 
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surface complexation model, i.e. the thermodynamic parameters for the 
235
U(VI) sorbing phases 
are equivalent to the 
238
U(VI) phases, and thus no fractionation is imposed via desorption. 
3.2. U(VI) Microbial Reduction 
Modeling biologic metabolisms as a Monod process is common practice for many 
terminal electron acceptors, and has been successfully applied to biogenic U(VI) reduction in 
previous studies (Bao et al., 2014; Long et al., 2015). The CrunchTope model built for the Super 
8 experiment includes three metabolisms modeled via Monod kinetic model (FeRB Fe-mineral 
reduction) and dual-Monod kinetic model (FeRB U(VI) reduction and SRB sulfate reduction). 
The dual-Monod rate expression for U(VI) reduction via an acetate-consuming FeRB is: 
𝑟𝑈𝑂22+
𝐴𝑐𝑒 = 𝜇𝑈𝑂22+
𝐴𝑐𝑒 [𝐵𝑖𝑜]𝐹𝑒𝑅𝐵 (
[𝑈𝑂2
2+]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝑈𝑂2
2+
+[𝑈𝑂2
2+]
) (
[𝐴𝑐𝑒]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝐴𝑐𝑒 +[𝐴𝑐𝑒]
) (1 − 𝑒𝑥𝑝 (
𝛥𝐺+𝑚𝛥𝐺𝐴𝑇𝑃
𝜒𝑅𝑇
) )  (eq. 6) 
where r is the total rate of reduction of UO2
2+
 by microbes, μ is the maximum specific growth 
rate of FeRB, [Bio] is the amount of biomass present, KS is the half-saturation constant of UO2
2+
 
or acetate, and [UO2
2+
] and [Ace] are the activities of the electron acceptor and donor, 
respectively. Parameter values are summarized in Table 6. Thermodynamic parameters ΔG 
(minimum free energy of the reaction), ΔGATP (free energy required to produce ATP), χ (the 
average stoichiometric number), R (the gas constant), and T (temperature), are included to 
account for the minimum amount of free energy change needed to drive the reaction forward (Jin 
and Bethke, 2003). ΔG for U(VI) reduction with acetate as an electron donor (reported as Keq in 
Table 6) was calculated using Geochemist’s Workbench (Bethke, 2011), standard values were 
used for ΔGATP, χ, and R, and a constant temperature of 25°C was assumed. 
This model accounts for both an increase in the apparent rate of reaction given a large 
amount of biomass (by increasing the [Bio] component) and for shifts between first order and 
zero order reaction kinetics with changing concentrations. When concentrations of the donor and 
acceptor are much greater than their half saturation coefficients, the second half of the Monod 
rate expression reduces to ~1, the total rate is much closer to the intrinsic rate of microbial 
reduction, μ, and the reaction is thus zero order. As the concentration of either the donor or 
acceptor falls to values near or below their respective half-saturation constant, the concentrations 
of these constituents limit the observed rate of microbial metabolism, and the rate law 
approaches first order kinetics. This behavior is significant to the current study since aqueous U 
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concentrations decrease during acetate amendment to values close to the range of half saturation 
constants employed in this and other studies. 
It is within the calculation of the rate of microbial reaction that the isotopic fractionation 
of U(VI) is taking place in the CrunchTope model. As noted by Druhan et al. (2014b), treating 
238
UO2
2+
 and 
235
UO2
2+
 as completely separate species subject to independent Monod rate laws 
leads to spurious fractionation as a result of an inconsistent fractionation factor. The authors 
showed that during periods where the microbial reaction is following first-order kinetics, the 
fractionation factor is independent of the concentrations of each isotopologue. However, during 
periods when reaction approaches zero order kinetics, the fractionation factor is influenced by 
the ratio of the isotopologues. Since laboratory studies show that fractionation factors often stay 
constant during microbial processes, a different version of the Monod model is required. This 
disparity is resolved by coupling the two Monod expressions for 
238
UO2
2+
 and 
235
UO2
2+
 via the 
same biomass coefficient and a “total concentration” term where the sum of 238U(VI) and 
235
U(VI) must yield the total UO2
2+
 in solution. This modified rate expression for each 
isotopologue is as follows: 
𝑟𝑈𝑂22+
𝐴𝑐𝑒238 = 𝜇𝑈𝑂22+
𝐴𝑐𝑒238 [𝐵𝑖𝑜]𝐹𝑒𝑅𝐵 (
[ 𝑈𝑂2
2+238 ]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝑈𝑂2
2+
+[𝑈𝑂2
2+]
) (
[𝐴𝑐𝑒]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝐴𝑐𝑒 +[𝐴𝑐𝑒]
) (1 − 𝑒𝑥𝑝 (
𝛥𝐺+𝑚𝛥𝐺𝐴𝑇𝑃
𝜒𝑅𝑇
) )  (eq. 7) 
𝑟𝑈𝑂22+
𝐴𝑐𝑒235 = 𝜇𝑈𝑂22+
𝐴𝑐𝑒235 [𝐵𝑖𝑜]𝐹𝑒𝑅𝐵 (
[ 𝑈𝑂2
2+235 ]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝑈𝑂2
2+
+[𝑈𝑂2
2+]
) (
[𝐴𝑐𝑒]
𝐾𝑆−𝐹𝑒𝑅𝐵
𝐴𝑐𝑒 +[𝐴𝑐𝑒]
) (1 − 𝑒𝑥𝑝 (
𝛥𝐺+𝑚𝛥𝐺𝐴𝑇𝑃
𝜒𝑅𝑇
) )  (eq. 8) 
Shiel et al. (in review) reported that ɛ values between 0.65‰ and 0.85‰ (αk = 1.00065 to 
1.00085) fit observations of 
238
U/
235
U variation caused by microbial reduction during the early 
and recovery portion of the Super 8 acetate amendment (Figure 1). This agrees well with ɛ values 
reported by laboratory experiments of U microbial reduction, which are between 0.68‰ ± 
0.05‰ and 0.99‰ ± 0.12‰ (Basu et al., 2014). In our CrunchTope model, ɛ was varied to 
demonstrate the effect of this parameter on model output (see section 4.4.4). The fractionation 
factor is incorporated into the model via the ratio of the maximum specific growth rate of U(VI) 
reducing microbes for each isotope such that: 
 𝛼𝑘 =  
𝜀
1000‰
+ 1 =  
𝜇𝑈𝑂22+
𝐴𝑐𝑒238
𝜇
𝑈𝑂2
2+
𝐴𝑐𝑒235⁄  (eq. 9) 
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In addition to the microbial reduction pathway, U(VI) is subject to reduction via abiotic 
reducing agents, generated as products of the terminal electron accepting processes, including 
ferrous iron (Fe
2+
) and sulfide (S
2-
). Previous studies of the Rifle aquifer have identified sulfide 
as the primary abiotic reductant of U(VI) in the system, while ferrous iron is relatively 
unimportant to the reduction of U(VI) (Stewart et al., 2015). Our model incorporates an abiotic 
pathway of U(VI) reduction via the sulfide generated through microbial reduction of sulfate. A 
laboratory study has shown that reduction of U(VI) by aqueous sulfide does not fractionate U 
isotopes (Stylo et al., 2013). As such, the maximum reaction rate of 
238
U(VI) and 
235
U(VI) by 
sulfide is identical in our CrunchTope model. 
3.3. Diffusive Domains Added to Model Rate-Limited Sorption 
As discussed in section 1.1, desorption of U(VI) from aquifer sediments does not 
conform to “equilibrium” modeling approaches. In order to achieve a “rate-limited” desorption 
response, Fox et al. (2012) utilized mobile and immobile subdomains of a 1D reactive transport 
model with a range of mass transfer coefficient values normally distributed around a calibrated 
mean with a set standard deviation. The authors adjusted this coefficient based on how much 
desorption was observed in each well and at each depth studied. This approach followed studies 
by other authors on U(VI) desorption behavior, which indicated that microporosity greatly 
contributed to the desorptive capacity of sediment while simultaneously causing no significant 
impact on the transport of non-sorbing solutes (Greskowiak et al., 2011; Hay et al., 2011). These 
models utilized the “stagnant domain” feature of PHREEQC, in which the porosity of each cell is 
subdivided into advective and nonadvective fractions with diffusive mass transfer between them. 
For our CrunchTope models, a “quasi-1D” construction was utilized, incorporating 
regions of no-flow in which transport is controlled by diffusion, and regions where transport is 
controlled by advection. These quasi-1D model geometries represent flow in a one dimensional 
advective flow path in communication with a diffusion-only reservoir with a low porosity and a 
high surface area. We termed the models presented here “quasi-1D” because the model domain 
dimension transverse to flow is significantly (≥ 400 times) smaller than the dimension parallel to 
flow. For the first of these quasi-1D models presented in sections 4.1-4.4, the no-flow zone is 
one grid cell thick, and as such, the only difference between the PHREEQC stagnant domain 
approach and our approach is that diffusion is allowed between no-flow cells (Figure 3, 50% 
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model). In section 4.4.5 we then compare results of the 50% model to those where the no-flow 
zone is spatially discretized with multiple nodes at varying distance from the mobile domain. 
This allows concentration gradients to develop between the no-flow zones closest to the 
advective zone and those furthest away (66.7, 80% models), which simulates the expected nature 
of an aquifer, where there are zones in “slower” communication with the advective zone relative 
to those that quickly interact with the advective zone.  
It is important to stress that we are not suggesting the aquifer is composed of “stripes” of 
advective and non-advective diffusion zones, but rather the groundwater chemistry and isotopes 
react as if the advective region is interacting diffusively with a no-flow reservoir with high 
surface area/low porosity. We suggest that this reservoir can be simply modeled as a non-
advective sub-domain directly in contact with the advective zone. A model which explicitly 
incorporated the actual heterogeneity of the aquifer including silty lenses and micro-domains 
would be poorly constrained, and as we show in the present study, is not needed to adequately 
reproduce concentration and U isotope data. The reaction network is applied to the entire 
domain, such that all reactions can occur in both the advective and non-advective zones. Given 
the quasi-1D nature of our models, we do not include transverse dispersion, such that all mixing 
between no-flow and advective domains is accomplished by diffusion. Our best fits were 
produced when the porosity of this non-advective zone was small (see section 4.4.1), indicating 
that these regions make up an overall small contribution to the total pore space of the aquifer, 
which agrees with previous observations suggesting the influence of microporosity in the system 
(Fox et al., 2012). 
The current study utilizes these comparatively simple 1D flow paths (1) to develop our 
simulations in the context of previous models for U(VI) complexation in the Rifle system, (2) to 
demonstrate the implementation of U isotopes within the reactive transport framework, and (3) to 
demonstrate the additional model constraints provided by isotopic data. In future work, this 
isotope-enabled reaction network should be extended to the Long et al. (2015) 3D domain 
featuring a discretized flow field based on varying lithology (e.g. permeability/surface area). 
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4. Results and Discussion 
Here we present results for multiple model geometries and boundary conditions, and their 
fits to concentration and 
238
U/
235
U measurements. In sections 4.1, 4.2, and 4.3 we consider the 
simplest case, of a model for the Super 8 acetate amendment effects on well CD-01 with no 
immobile sub-domain, then vary multiple aspects of the model to explore the resulting effects on 
geochemistry and U isotope ratios in section 4.4. Next, in section 4.6, we apply this model to the 
bicarbonate-only side of the Super 8 experiment, and discuss its applicability to these different 
scenarios. 
4.1. Flow and Ion Geochemistry 
Figure 4 shows geochemical measurements from well CD-01 and three simulations of the 
Super 8 injection experiment. These model runs show the simplest geometry tested, where a 
0.2cm by 200cm flow domain consists of either entirely homogenous advective domain model 
(hereafter denoted AD) or a dual-porosity domain containing a low-porosity layer of non-
advective zones (hereafter denoted NAZ) (Figure 4A).  
Br
-
 (Figure 4B) and acetate (Figure 4C) concentration data show two distinct peaks 
correlating to the two injection periods. Na
+
 (Figure 4D) data likewise shows two peaks due to 
injection of 10mM of Na
+
 above background as a result of the use of a sodium acetate salt. Na
+
 
breakthrough peaks are slightly delayed due to the competitive ion exchange behavior of the 
Rifle sediments. Ca
2+
 (Figure 4E) and Mg
2+
 (not shown) display two “desorption” peaks and two 
“readsorption” troughs, also as a result of the ion exchange capacity of the sediments. Total 
inorganic carbon (TIC, Figure 4F) breakthrough is slightly complicated, with a sudden spike of 
~3mM above background, a return to background, then a slower increase to ~3mM during and 
after the second injection. The first peak causes a slight desorption of U(VI); we explore this 
observation more in section 4.2. The latter peak is consistent with an increase in sulfate reduction 
activity, where injected acetate is oxidized to inorganic carbon. There is no clear trend in the 
sulfate (Figure 4G) observations since variability in the observation well is within background 
well variability; however some microbial sulfate reduction is indicated by δ34S data (not shown) 
and required to fit the observed TIC data. Fe
2+
 (Figure 4H) is produced by microbial reduction 
upon acetate addition, and its trend is similar to the Na
+
 data in that there are two “delayed” 
peaks, however the tail of concentrations is much longer. This alludes to continued sources of 
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Fe
2+
 in the system due to desorption of Fe
2+
 from aquifer sediments or abiotic reduction of Fe
3+
 
minerals by sulfide available from FeS mineral phases generated during acetate amendment. 
We see that with the exception of modeled Fe
2+
, the AD model (Figure 4 B-H red lines) 
is quite similar to the NAZ model (blue lines). Generally this is consistent with prior 
interpretations of Rifle acetate amendments, where diffusively limited zones are thought to occur 
within low-porosity intragranular regions rather than low-permeability high-porosity clays (Hay 
et al., 2011). The different Fe
2+
 response between these two models is due to the increased 
availability of Fe-hydroxides by the addition of the low-porosity zones, allowing a greater 
amount of electron acceptor for the simulated Fe reducing biomass. It is important to note that 
the same suite of parameters fit to the AD model were used in the NAZ model, which for some 
geochemical constituents results in a better fit for the AD model. 
4.2. TIC Spike 
In Figure 1, an initial peak of U(VI) desorption is observed before concentrations 
decrease due to microbial reduction. While the spike in U concentrations is quite low compared 
to the peak observed during bicarbonate-only injection (see section 4.6), it is still well above 
measurement uncertainty and represents an increase of more than 20% above background U 
concentration. This increase in U is likely due to the spike in TIC observed in CD-01 within 5 
days of injection, leading to desorption of U from the aquifer. Unfortunately, there are no 
available measurements of TIC in well CG-01 or the injectate. We therefore cannot pinpoint the 
exact amount of TIC influencing CD-01 from these sources over this time period. An attractive 
option would be to use the TIC values from the background CU-01 well as baseline values for 
CD-01. However CU-01 TIC measurements are consistently lower than observed at CD-01, even 
after CD-01 returned to pre-injection conditions following the Super 8 experiment. 
Previous studies of the Super 8 injection experiment have implicated the bicarbonate 
injection from the CA wells as a cause for the observed spike in TIC and U at well CD-01 (Shiel 
et al., in review; Long et al., 2015). However the significant distance perpendicular to flow that 
the bicarbonate amendment would have to travel does not support this argument. The deuterated 
water injected with the bicarbonate acts as a tracer for the CA well injections and may help 
elucidate the influence of injected bicarbonate on CD-01. Deuterated water isotope tracer 
breakthrough data at CD-01 indicates very little cross-plot contamination (Figure 5), as the 
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excursion in water isotope ratio measurements of 5‰ above background indicates that no more 
than ~0.4mM of injected TIC affected CD-01 at any time during the experiment. In addition, the 
highest δ2H values (~111‰) correspond to the samples which are closest to background 
measured TIC values in well CD-01 (~9.5mM). Since there are spikes in TIC of more than 3mM 
above background at CD-01 immediately after acetate injection begins, and when δ2H values at 
CD-01 are quite low, the comparative effect of the bicarbonate injection in the CA wells on the 
geochemistry of CD-01 is apparently minimal. 
In order to model the U desorption response observed in well CD-01, the TIC 
concentrations must be appropriately included, either as a boundary condition or due to some 
process occurring in the aquifer. One source of this increase in TIC could be subsurface microbes 
oxidizing the injected acetate. However, the response in both Fe(II) and SO4
2-
 concentrations 
does not indicate such a rapid activation of FeRB and SRB microbes, which have been the focus 
metabolisms of Rifle bioremediation studies. Other metabolisms may be active during this time 
period (e.g. aerobic microbes or nitrate reducers), however our dataset cannot constrain the 
presence or absence of these microbes. 
Since the observed spike in TIC is by far in excess of the amount predicted from the 
deuterium tracer—and given the fact that the spike in δ2H occurs when TIC concentrations in 
CD-01 are at their lowest measured values during Super 8 (9.2 mM)—the bicarbonate injection 
in the CA wells is not a likely cause of the initial desorption of U(VI) at well CD-01. A final 
possibility of increased TIC in the initial Super 8 injection is the presence of elevated TIC 
concentrations in the injectate tank. This possibility is reinforced by the arrival of the TIC spike 
concurrent with arrival of the Br
-
 tracer. Elevated concentrations in the injectate could be caused 
by withdrawing water from CU-01 during a high-TIC time of year (seasonal variation of TIC at 
CU-01 is from 5.7 to 11.3 mM), or from microbial activity in the tank before injection into the 
rifle aquifer.  
In the current simulations, the spike in TIC at the beginning of the Super 8 injection is 
modeled with a higher TIC concentration of the injectate in order to achieve the desorption of 
U(VI) observed during this time period. As is reported in Shiel et al. (2013) regarding well 
CU-03, there is no concurrent change in the U isotope ratios of the aqueous phase during this 
desorption event in well CD-01. 
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4.3. Uranium 
Measured values of U(VI) concentration and isotope ratio from well CD-01 during the 
Super 8 experiment and corresponding model results discussed in section 4.1 are shown in 
Figure 6. U(VI) concentration observations are characterized by a short desorption period in 
which concentrations increase to 0.859 μM (0.162 μM above plot C background) (see section 4.2 
for further discussion) before steadily declining to a minimum of 0.032 μM 35 days after the start 
of injection (Figure 6A). Recovery of U(VI) concentrations to background is much slower than 
all other aqueous species, most likely owing to its strong affinity for surface complexation. U 
isotope ratios begin to decrease shortly after the initial desorption peak, consistent with the onset 
of microbial reduction and isotopic fractionation with ɛ = 0.85‰. During the second period of 
acetate injection, δ238U values level out around -1.25‰, and then start to slowly increase, 
reaching background values roughly 60 days after the start of injection. 
Modeled U(VI) concentrations between the AD and NAZ models are similar in that both 
models capture the initial desorption peak, the reduction phase, and a somewhat slow recovery 
(Figure 4). The parameters shown for these and subsequent models were fit to observations using 
least-squares fitting on of the AD model to the CD-01 concentration measurements. A PEST run 
aimed at fitting the AD model using isotope ratios as observation input resulted in poor fits to 
both U concentrations and U isotope ratios, indicating a significant issue with the simple AD 
model. The quality of the fit to U(VI) concentrations in the AD case is fairly good, considering 
the lack of any rate-limited U(VI) desorption as suggested in previous modeling efforts. 
However, since the U(VI) adsorption sites are present in a single advective domain, the 
partitioning between the aqueous and adsorbed U is instantaneous, and thus the modeled peak of 
desorption and the trough after reduction are too high and too low, respectively. Addition of the 
diffusive domain (NAZ model), without changing any of the parameter values optimized using 
the AD model, increases the desorptive response, with an overall increase in concentrations at all 
time points before the recovery period. This likely indicates an over-prediction of adsorptive 
capacity of the sediments in the advective zone. Use of the NAZ model domain also prolongs 
recovery of U concentrations to background values due to the repopulation of adsorptive sites in 
the diffusion-only zone. 
Based on the simulated aqueous species concentration (Figures 3 and 5A), the fidelity of 
the AD relative to that of the NAZ model is difficult to discern. We now explore the added 
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benefit afforded by direct simulation of the U isotopes in constraining these models. The AD 
model (Figure 6B) shows strongly negative δ238U values during the middle time interval with 
very low U(VI) concentrations. Like the Rayleigh distillation model (Figure 1), the fit to the 
measurements is poor. In contrast, the NAZ modeled isotope ratios show much better agreement 
with observations from well CD-01. Quality of fit is particularly improved during the lowest U 
concentration time periods, where the low-porosity, no-flow domain provides a steady supply of 
slightly fractionated U via diffusion, sustaining U isotope ratios near -1 to -2‰ in the advective 
zone. While the fit to concentrations by the NAZ model during the low-concentration and 
recovery time periods supports the hypothesis that low-porosity non advective zones influence U 
transport, the addition of U isotopes to the model adds further evidence in support of the 
hypothesis. 
Both of the models presented here display rapid “recovery,” where the isotope ratios 
nearly return to background (~0‰) by day 60, which is much faster than measured values 
(Figure 6B). This is contrary to the modeled concentrations, which show a slow return to 
background over the same time period. This disparity between modeled and observed recovery 
of the isotope ratios to background indicates that the models are failing to represent some aspect 
of the physical system—information we would not have immediately gleaned given the fit to U 
concentration data only. 
The quality of fit to U concentrations at this location by the AD model suggests that the 
effect that desorption has on the north side of the Super 8 injection experiment plot is minor (as 
opposed to the bicarbonate injection side of the plot, see Figure 2). In contrast, previous models 
of field scale desorption experiments have shown that rate limited desorption is needed to 
accurately simulate observed U concentrations (Fox et al., 2012). In the current study, the 
addition of δ238U to the AD model confirms the necessity to accurately describe transport-limited 
sorption dynamics that is not revealed by through simulation of solute concentrations alone. 
4.4. Sensitivity Analysis 
Despite the improved fit to U isotope observations by addition of the no-flow zone in the 
NAZ model discussed in section 4.3, there are still significant discrepancies between the 
modeled and observed U isotopes and concentrations during the Super 8 acetate experiment at 
well CD-01. To explore the factors influencing these discrepancies, using the models presented 
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in Figure 4 and Figure 6 we performed a sensitivity analysis on several model parameters and 
model geometries which show the effects on geochemical and U isotope ratio model output. This 
sensitivity analysis is essential to identify the modeling parameters that have significant effects 
on modeled 
238
U/
235
U ratios for their use in future modeling studies. 
4.4.1. Effect of varying the porosity of the no-flow zones 
Parameterizing the NAZ model no-flow diffusion-only zone with a much smaller 
porosity than the advective zone follows previous modeling studies of Rifle and other U 
contaminated sites, where diffusion-only regions were required without significantly affecting 
the breakthrough of non-reactive solutes. This appears to be true for the current dataset, where 
aquifer flow heterogeneity has a very minor effect on the transport of the non-reactive Br- tracer, 
as evidenced by goodness of fit for the AD model (Figure 4). In order to test the assumption that 
the no-flow domains represent an overall small contribution to the total pore-space of the flow 
domain, we ran the NAZ model several times with varying porosities (10%, 25%, 35%) and 
compared it to our original small porosity (3%) in the no-flow zone (Figure 7). 
As expected, varying porosity of this no-flow zone had a significant effect on the 
transport of the inert Br- tracer, showing progressively delayed and spread-out breakthrough 
peaks with increasing porosity. Major ion peaks are similarly “delayed” with the second peak 
decreasing in magnitude with increasing porosity. We attribute this to a much larger peak of 
modeled TIC with increasing porosity, which drives precipitation of carbonate minerals. The 
increased TIC spike with increasing porosity occurs due to the increased activity of the sulfate 
reducing microbes in the increased pore space. This increased microbial activity with larger pore 
space is associated with a longer residence time for injected acetate in the no-flow sub-domain. 
The second acetate peak is completely absent in the model with 35% porosity of the no-flow 
zone, indicating that the microbial activity was sufficient to oxidize the entire injected plume. 
The Fe
2+
 breakthrough actually decreases with increasing porosity, owing to the reduced 
amount of iron hydroxide surface area available when porosity is increased, and the greater 
residence time of Fe
2+
 promoting reaction with sulfide and precipitation as FeS. At small 
porosities the amount of U isotope fractionation observed is relatively small, with a minimum 
modeled δ238U value of -1.9‰. At intermediate porosities (10 and 25%) the minimum δ238U 
observed has a negative correlation with porosity (-5.0‰ and -10.1‰, respectively). At the 
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highest porosity of the non-advective sub-domain tested, the trend reverses, with a minimum 
value of -3.1‰. Since the FeRB biomass is linked to the U microbial reduction pathway, at the 
highest porosities the increasing use of acetate by SRB biomass actually decreases the amount of 
U reduction occurring in the system. This nonlinear relationship between model parameters and 
modeled U isotope ratios is indicative of the complex reactive transport processes controlling the 
U in aquifers. Since the model with the lowest porosity best reproduces both the non-reactive 
tracer and U isotope ratios, we conclude that the no-flow zones represent an overall small 
contribution to the total pore space of the Rifle aquifer, as previously determined in other models 
(Fox et al., 2012). 
4.4.2. Effect of varying no-flow U surface area 
The model presented in this study relies heavily on the SCM developed by Hyun et al. 
(2009) since modeled U isotope ratios during acetate injection are quite sensitive to SCM 
parameters. In order to show the influence of varying sorption capacity (i.e. sediment surface 
area), the NAZ was run several times with varying surface areas (Figure 8). Increasing the 
sorption capacity of the sediments has expected effects on the U concentrations and isotope 
ratios, where the higher the surface area in the no-flow zone, the more the changes in 
concentration are “buffered” by an increasingly large reservoir of adsorbed U that started with 
the 
238
U/
235
U ratio of the unaltered system. The spatial pattern of solid reduced U(IV) (see 
section 4.5.1) indicates that not much U(VI) reduction is occurring in the no-flow zones, which 
in turn causes this reservoir of U(VI) to remain relatively unfractionated relative to the advective 
zone where a much larger amount of reduction is occurring. This results in a less negative 
excursion in the isotope ratios during low-concentration time points. It also causes a faster return 
to near-background conditions; however, the tail of lower isotope ratios is extended with 
increasing surface area. 
4.4.3. Effect of varying intrinsic rate of microbial U reduction 
A large range of total microbial rates of reduction have been reported in past studies on 
acetate amendment at the Rifle aquifer, and this parameter is a strong control on model fits to 
plot-scale acetate injection experiments (Bao et al., 2014). To show its effect on modeled U 
concentrations and isotopes the base-case AD and NAZ models were run with varying intrinsic 
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U reduction rates, 𝜇𝑈𝑂22+
𝐴𝑐𝑒  (Figure 9). Decreasing the U reduction rate of the AD (A-B) model has 
a similar effect on the minimum isotope ratios as addition of the no-flow in the NAZ, in that the 
minimum δ238U value produced is less negative. Similarly, for the NAZ model (C-D), 
concentration and δ238U results are generally greater with decreasing intrinsic microbial rate. 
Interestingly, the recovery of the U isotope ratios to background is nearly identical with varying 
U reduction rates in both the AD and NAZ model. Varying intrinsic rate of reduction has the 
greatest effect on modeled isotopes during the initial reduction period, where it is quite easy to 
discern between the different models. This is in contrast to the effect of varying the surface area 
of the no-flow zone (Figure 8), where isotope ratios remain largely unaffected to changes to 
surface area during the initial reduction phase, yet show marked differences during the recovery 
period. 
4.4.4. Effect of varying microbial U isotope fractionation factor 
There is some uncertainty associated with the U isotope fractionation factor (ɛ) that is 
associated with the microbial reduction of U, as this value varies for different microbes similar to 
those that reduce U(VI) at the Rifle site (Basu et al., 2014). To show the sensitivity of modeled U 
isotope ratios to ɛ we ran both the AD and NAZ models while holding the intrinsic rate of U 
reduction constant and varying the value of ɛ. Results of this sensitivity test for the AD and NAZ 
cases are shown in Figure 10. For all of these cases, U concentrations are unaffected by changes 
in ɛ, and thus match the red (AD) and blue (NAZ) lines in Figure 6A. We see that with 
increasing ɛ, aqueous U(VI) isotope ratios become more negative (due to the increase in 
preference for the heavy isotope to be reduced to immobile U(IV). 
4.4.5. Effect of a greater fraction of no-flow zones 
To this point, the NAZ model we have presented utilizes a 0.2 cm transverse domain size, 
where 50% of the total distance is occupied by the no-flow, low-porosity domain. In order to test 
how this geometry affects model output, we ran several models with varying sizes of the low-
porosity, no-flow zone while holding the advective domain size and resolution constant (i.e. all 
models contain an advective zone 0.1cm thick and 200cm long) (Figure 3). As we stack no-flow 
zones on this advective domain, rather than all of the microporosity being available to the 
advective zone, the diffusion-only domain is spatially discretized. Therefore, a gradient forms 
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between the advective domain and the interior of the no-flow zone, which in turn acts as a 
reservoir coupled to the advecting fluid. In a sense, changing the size of the diffusion-only zone 
approximates the distribution of mass transfer coefficients used in previous studies to 
characterize the interaction between the two zones (Greskowiak et al., 2011; Fox et al., 2012). 
The distance from the ‘interior’ of the NAZ (i.e. the diffusion-only cells furthest away 
from the through-flowing sub-domain) to the advective domain moderates the rate of interaction 
with the advective fluid subject to the diffusion coefficient implemented in the model. We 
suggest that this is an improved physical representation of the system over the “distributed mass 
transfer coefficient” utilized by some previous modeling efforts, in that a diffusion coefficient is 
a physical property rather than an optimized parameter with a stochastic distribution. Increasing 
the distance that solutes must diffuse “spreads” the timing of the effective contribution of the 
non-advective zone to U concentrations and stable isotope ratios. 
Figure 11 shows the effect of altering the geometry of our models in this way. Adding a 
greater fraction relative to the total domain size of discretized no-flow zones (schematically 
shown in Figure 3) has minor effects on the transport properties of conservative solutes, though 
the Br
-
 tracer (Figure 11A) overall displays better agreement with the falling limb of 
concentrations. Addition of low-porosity non-advective zones also influences the reactive 
geochemistry of the system, where a greater overall concentration of TIC (Figure 11B) is 
observed with increasing percentage of no-flow zones relative to the total domain size during and 
after the second Super 8 injection period. This is due to a concurrent increased stimulation of 
both FeRB and SRB, evidenced by the breakthrough of Fe2+ and sulfate (Figure 11C-D). The 
effect of this increase in TIC response is seen in the U concentrations (Figure 11E), in that a 
greater amount of U is desorbed into the system, maintaining higher concentrations throughout 
the simulation. U isotopes (Figure 11F) are similarly affected, with less of a negative excursion 
observed as the percentage of no-flow zones increases, along with a slower return to background 
values. 
4.5. Reoptimization 
All the models presented until this point have utilized parameters optimized for the AD 
model. We observe that addition of the low-porosity no-flow domains improves model 
agreement with isotope observations, indicating that desorption from these zones provided a 
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reservoir of slightly fractionated U to buffer changes to the isotope ratio. In order to show that 
the model with the larger, discretized no-flow domain is the best choice to reproduce 
observations, we re-optimized the parameters affecting U transport (U reduction rates, surface 
area of sorbing mineral) for both the 50% NAZ case and 80% NAZ case discussed in section 
4.4.5. The results of reoptimization are presented in Figure 12, and the best fit parameters are 
summarized in Table 9. We see from these results that the model that best produces both the U 
concentrations and isotope ratios is the model with the largest fraction of no-flow domain tested, 
utilizing a discretized no-flow domain (see section 4.4.5). The improved agreement between 
simulated and observed U concentrations and isotope ratios is thus generated by the inclusion of 
a more realistic diffusive transport regime provided by this discretized domain. In addition, the 
surface areas that provided the best fit to the 50% domain model was significantly higher than 
those measured at the Rifle site (Hyun et al., 2009). In contrast, the surface areas optimized using 
the 80% model domain are closer to published results. This supports our interpretation that the 
diffusion-only zone needs to be (1) larger in size and (2) spatially distributed away from the 
advective zone, in order to provide a greater reservoir of adsorbed U to the system. 
4.5.1. 2D Uraninite Results 
A benefit of running multi-dimensional reactive transport models is the ability to predict 
the spatial distribution of geochemistry where there are no recorded observations (i.e. between 
wells). Similarly, adding stable isotope information to models provides predictions of the spatial 
trends of δ values across an aquifer. Figure 13 shows the spatial results for the final distribution 
of solid reduced U(IV) product in the 80% no-flow domain model (refer to Figure 3 for 
explanation). The results indicate that the highest concentration of solid reduced U(IV) is closest 
to the upgradient side of the model, where acetate concentrations would be large and the greatest 
microbial growth rates are observed. In addition, the uraninite most enriched in 
238
U is located at 
this upgradient side of the model. This is consistent with observations of other isotope systems 
during acetate amendment at Rifle (e.g. Druhan et al., 2012). Thus the reactive transport model 
we have presented here offers a prediction of the structure and isotopic distribution of these “bio-
reduced zones,” which are the result of acetate amendment in the system. The results of these 
simulations require targeted validation, and offer a potential means of directing future research at 
Rifle and other U contaminated sites. 
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4.6. Bicarbonate Injection 
The goal of any modeling study is to be able to apply the new model towards similar 
situations in order to validate the model’s fidelity, and generate predictive insight in multi-
component systems. Here, we apply the model calibrated to reproduce the geochemistry and U 
isotope ratios observed in the acetate-only side of the Super 8 plot to the other, bicarbonate only 
side of the well gallery. The model presented here is the 80% NAZ model discussed in section 
4.5, with optimized parameters for the Super 8 acetate-only observations at well CD-01. 
The bicarbonate-only well CU-03 observations and the injectate added to the CA wells 
are used to parameterize the background geochemistry (see section 2.1.1 and Figure 2). The flow 
domain has been reduced to 100cm in the longitudinal direction to match the distance between 
the CA injection wells and the CU-03 observation well. Geochemical measurements and model 
results are presented in Figure 14. Model results are shown for exactly the same geometry as the 
reoptimized model in section 4.5 (red), and a model where parameters are altered slightly (green, 
see discussion below).  
The bicarbonate injection solution contained deuterated water (Figure 14A) as a tracer, 
and we see that there is a good fit to the peak of observations, though the trailing limb of the 
tracer indicates that there is likely more heterogeneity to the flow regime in this portion of the 
aquifer. The fit to Na
+
 and TIC concentrations (Figure 14B-C) are similar, where the peak is 
matched adequately well, yet the long tail is poorly reproduced by the models. Modeled Ca
2+
 
concentrations (Figure 14D) show higher peaks and much lower troughs, as well as a faster rate 
of response than the observations. This could be the result the ion exchange behavior of the 
system, where the majority of sorbing sites may be in less-permeable zones—whereas our model 
features a homogenous distribution across the domain. U concentrations (Figure 14E) show a 
similar behavior to Ca
2+
, however the base NAZ model (red) produces a spike of more than 5 
times the background concentration of U. 
The updated NAZ (green) model results represent the same geometry as the NAZ (red) 
model, however several adjustments have been implemented to improve agreement with the U 
desorptive response. First, the grid size in the transverse direction was increased from 0.1 cm to 
0.2 cm. This is similar to a reduction in the effective mass-transfer coefficient utilized by past 
modeling studies, which is a function of the particular lithology of the flow domain between any 
given injection well and observation well. Second, the surface area of the sorbing mineral phase 
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in the advective zone was reduced by a factor of 12 times, and the surface area of the no-flow 
zones was reduced by a factor of 2. This results in a specific surface area (3 m
2
/g) closer to 
values reported for the Rifle system.  
The overestimation of the desorptive capacity at the CU-03 well by the model optimized 
to the CD-01 data could be a result of several factors, and is likely a combination given the 
complicated reactive transport of U. A first simple explanation for this is a scenario where the 
heterogeneity of the Rifle aquifer is not uniformly distributed between the acetate only and 
bicarbonate only sides of the experimental plot. Since our models focus on single flow paths 
between injection and observation wells, the lithology between these two settings could be quite 
different, as evidenced by the overall heterogeneous lithology of the Rifle aquifer (Bao et al., 
2014; Long et al., 2015). 
Another possible explanation to this overestimation is that the SCM employed in the 
current model was developed on bicarbonate-only desorption experiments (Hyun et al., 2009). It 
is entirely possible for the presence of (1) acetate, or (2) the microbial byproducts of its 
degradation, to render our SCM inadequate to describe desorption from Rifle sediments during 
acetate amendment. Furthermore, rather than a discrepancy due to the presence of acetate, the 
SCM may be inadequate at the very low concentrations observed in the Rifle aquifer during 
acetate amendment—i.e. the SCM is developed on desorption experiments at high U 
concentrations, and the current study applies these parameter values to describe desorption 
during low-concentration time points. At low aqueous U concentrations, desorption could be 
expected to have a different rate-limited response, given possible changes to the concentration 
gradient between the sorbed and aqueous pools of U. 
It is interesting to note that parameterizing field-scale desorption response with a single 
SCM is a consistent problem in modeling Rifle bioremediation experiments. This is evident in 
reported fits to U concentrations, where the SCM employed is capable of reproducing desorption 
peaks during bicarbonate amendment, but inadequate do describe concentrations at most wells 
during the lowest concentration time-points (Bao et al., 2014 Figure 3; Long et al., 2015 Figure 
S2). This discrepancy has resulted in adequate fits to the overall plot-scale dataset, yet individual 
wells are not reasonably fit with the plot-scale parameters. It is beyond the scope of this study to 
address these concerns in our modeling framework; in future work, it may be beneficial to 
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develop an SCM appropriate to acetate-amendment scenarios, rather than based on bicarbonate, 
high-concentration scenarios. 
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5. Conclusions and Future Work 
In this study, we constructed a multi-component reactive transport model capable of 
reproducing the geochemistry and U isotope ratios observed during the Super 8 acetate injection 
experiment. Observations of 
238
U/
235
U ratios unexpectedly displayed a lack of very-fractionated 
δ238U values during low concentration time points predicted by simple modeling based on 
laboratory experiments. Construction of this more physically reasonable reactive transport model 
allows much better interpretation of the δ238U values observed during acetate amendment. A 
good fit to the observed isotope ratios was only achieved after considering the effects stagnant 
zones with an overall small total pore space and high surface area. These zones provide a small 
flux of U(VI) with a slightly fractionated isotope signature via diffusive transport to the 1D 
advective zone. This has the effect of buffering the changes to the isotope ratios and U 
concentrations, overall muting the isotopic shift caused by microbial reduction, relative to that 
expected based on results of laboratory experiments. Though past studies have shown that rate-
limited desorption of U(VI) is an important control on the transport of the contaminant in natural 
systems, these observations were based on high concentration bicarbonate driven desorption 
experiments. Addition of δ238U to our models offers supporting evidence to this claim, showing 
that rate-limited desorption of U has an impact even at low-concentration acetate-dominated 
settings like the Super 8 injection experiment. 
The addition of 
238
U/
235
U ratios to the model also enables predictions of the spatial 
distribution of δ238U values in contaminated and bioreduced systems, and potentially the 
expected isotopic signal if remobilization were to occur. Our sensitivity analysis showed that 
response to parameter variations of isotope ratios often did not match the timing or magnitude of 
response by U concentrations, further implying that the addition of isotopes into this reactive 
transport model gives more information than concentration modeling alone. In future work, this 
U reactive-transport framework can be applied to other acetate and bicarbonate injection 
experiments. This will especially be useful in quantifying the process of oxidation of bioreduced 
U, since modeling results indicate the predicted isotopic profile of the reduced solid U, and can 
be used to predict the isotopic response to the onset of oxidation. Furthermore, the findings of 
this study highlight an important consideration when interpreting 
238
U/
235
U measurements during 
acetate amendment of U contaminated aquifers. We expect that most aquifers will contain zones 
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that act like the NAZ model we present here, and that these zones will tend to buffer or mute 
changes to the 
238
U/
235
U ratios observed in wells. 
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6. Figures 
 
Figure 1. Plots of aqueous U concentrations and 
238
U/
235
U isotope ratio measurements 
(expressed in per mil deviations from the CRM112-A standard, see section 1.2) from the Super 8 
acetate injection experiment. Simple Rayleigh distillation models previously published by Shiel 
et al. (in review) are indicated by blue and orange lines. The left plot shows time-series 
observations, with acetate injection intervals indicated by grey bars, and isotope observations 
colored by time period. Background well observations indicated by open circles (concentrations) 
and open squares (isotopes). At low concentrations, the isotope ratios are expected to follow a 
Rayleigh distillation model (blue, orange lines), where low concentrations of U are depleted in 
the heavy isotope relative to background, but the “middle” time period of the experiment (orange 
points) do not plot along the expected Rayleigh model. Subtracting a fixed amount of low 
concentration, unfractionated (0.03 μM, δ238U = 0‰) aqueous U from the orange points yields 
the “memory removed” points (black crosses), which show good agreement to the Rayleigh 
model. This fixed “memory” model represents a simplistic representation of the effect of rate-
limited U desorption, which acts as a source of low concentration, unfractionated U to the 
observation well. 
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Figure 2. Plot of Rifle experimental plot C, where the 2008 Super 8 injection experiment was 
carried out. U isotope and groundwater geochemistry measurements are here for three wells, 
CU-01, CD-01, and CU-03. CU-01 is taken as an upgradient “background” well, unaffected by 
acetate or bicarbonate injections. 
 
Figure 3. Schematic for the series of models tested in section 4. The blue zones represent the 
low-porosity diffusion-only layers, which are stacked adjacent to an advective zone. Scale is 
indicated, and the percentages to the left of the diagram indicate the fraction of the total domain 
consisting of diffusion-only grid cells. 
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Figure 4. Plots of (A) The dual-porosity field for the NAZ model, with equal domain volume of 
advective (red) and diffusive (blue) zones, (B-H) time-series observations (filled circles) and 
model results (lines) of non-reactive Br
-
 tracer (B), acetate (C), major ions, (D,E), inorganic 
carbon (F), and redox active constituents (G, H) for well CD-01 during the Super 8 experiment. 
Background observations at well CU-01 are plotted with open circles. Model results in B-H are 
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for AD model (red), and NAZ model (blue) are shown. Grey rectangles indicate time periods of 
acetate/bromide injection. 
 
Figure 5. Plot of TIC and hydrogen isotope ratios (δ2H) measured at wells CD-01 and CU-03. A 
simple mixing line is plotted between background Rifle groundwater ([TIC] = 9.5 mM, δ2H 
= -116.20‰) and bicarbonate injectate solution ([TIC] = 50mM, δ2H = +380‰). The bicarbonate 
only side of the injection plot (well CU-03) shows a good fit to this mixing line, whereas the 
acetate only side of the plot (well CD-01) shows an increase in TIC without a concomitant 
change in δ2H. In particular, the time point in which the highest value of δ2H is recorded for 
CD-01 corresponds to the minimum TIC measured in the well (9/16/2010, indicated by black 
arrow). The inset plot shows the entire range of variation in concentration and isotope ratios 
observed at well CU-03. 
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Figure 6. Time-series plots of U concentrations and isotope ratios for observations (filled 
circles) and model results (lines) for well CD-01 during the Super 8 experiment. Background 
observations at well CU-01 are plotted with open circles. Uncertainty in measurements is 
generally smaller than the size of the symbols. Model results are for the AD model (red), and 
NAZ model (blue). Grey rectangles indicate time periods of acetate/bromide injection. 
A 
B 
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Figure 7. Plots of time-series observations (filled circles) and model results (lines) of non-
reactive tracer (Br
-
), major ions (Na
+
, Ca
2+
), carbon (TIC, acetate), redox-active constituents 
(Fe
2+, Sulfate), U concentrations, and δ238U for well CD-01 during the Super 8 acetate 
experiment. Model results are plotted for varying porosities of the no-flow zone in blue, red, 
green, and magenta lines (3, 10, 25, and 35% porosity respectively). 
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38 
 
 
Figure 8. Plots of U concentration and U isotope ratios from observations and model runs during 
the Super 8 injection experiment. Model runs show the effect of changing the surface area of the 
dual-porosity zone between 1 and 4 times the value used in the models shown in Figure 6 
(surface areas of 5, 7.5, 12.5, and 20m
2
/g are shown). Increasing the surface area of the diffusive 
region causes the isotope ratios to become less negative during the second injection period, and 
causes a faster return to near-background isotope ratios and concentrations, however causes a 
sustained tail of slightly fractionated values. 
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Figure 9. Plots of U concentration and U isotope ratios from observations and model runs during 
the Super 8 injection experiment. Results are shown for the AD model (A-B) and NAZ (C-D) 
model domain. Model results show effects of varying intrinsic U reduction rate between 50% 
and 125% of the value used in the models shown in Figure 6. 
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Figure 10. U isotope ratio observations and models for the Super 8 experiment, and the effect of 
varying the fractionation factor (ɛ) for the AD model (A) and the NAZ model (B) while holding 
intrinsic U reduction rate constant. Epsilon was set to 1.5‰ (most negative excursion in both A 
and B), 1.0‰, 0.85‰, and 0.65‰ (least negative excursion in both A and B). Inset of A shows a 
higher resolution of the stable isotope ratios to illustrate show the early and late differences in U 
isotope distribution. B is the same set of parameters as A, but for the NAZ.  
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Figure 11. Plots of geochemistry and U isotope ratios from observations and dual-porosity 
model runs during the Super 8 injection experiment. Results are shown for three different 
models, showing the effect of increasing the fraction of the domain consisting of diffusion-only 
zones. Blue modeled lines represent the 50% NAZ model, dark green lines represent the 66.7% 
NAZ model, and the light green lines represent the 80% NAZ model (refer to Figure 3). 
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Figure 12. Results of re-optimizing parameters controlling U transport (U reduction rates and 
surface are of sorbing mineral) for two of the models previously discussed (50% and 80% no-
flow domain, see section 4.4.5). While both of these models show good agreement with U 
isotope ratios, the re-optimized 50% model (blue lines) does not reproduce the recovery of the U 
concentrations as well as the re-optimized 80% NAZ model (green lines). 
A 
B 
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Figure 13. Spatial distribution of the volume fraction of solid U(IV) product and corresponding 
solid phase δ238U values. 
U(IV) solid volume fraction 
δ
238
U of solid U(IV) 
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Figure 14. Plots of deuterium tracer (A), Na
+ 
(B), Ca
2+
 (C), TIC (D), and U (E) concentrations 
for the bicarbonate-only side of the Super 8 injection plot. Observations of well CU-03 are in 
black filled circles, and the results of models are shown with lines. The red line represents the 
80% no-flow domain model discussed in section 4.3.6 with no flow or U transport parameters 
adjusted. The updated NAZ model (green) is based on the NAZ model reported in section 4.5 
(red) with an increased the no-flow zone increased in size and a reduced surface area. See text 
for discussion. The grey bars in these plots indicate time-periods of bicarbonate injection into the 
CA-01 wells (see Table 1).  
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7. Tables 
Table 1. Summary of injection experiments 
Experiment Wells Date Duration (d) Injection tank Conc. (mM) 
Super 8 CG01-CG10    
    Start
a
  23-Aug-2010  50 Acetate 
    End  22-Sep-2010 8.98 20 Br
-
 
Super 8 CA01-CA03   
 
    Start
b
  16-Aug-2010  50 HCO3
-
 
    End  07-Sep-2010 20.6 (Deuterium spike, 380‰) 
a
 Tank refill gap 7-Sep and 13-Sep 
b
 Tank refill gap 27-Aug and 29-Aug 
 
Table 2. Primary components included in the Rifle CrunchTope model and concentrations used 
in the model. Initial concentrations are based on measured values in CD-01 before the addition of 
acetate and bromide. Injectate concentrations are used as the upgradient boundary condition for 
the duration of the injection experiments, and are the same as initial concentrations except where 
specified below. 
Primary Component Initial Injectate 
pH 7.2
  
Fe
++
 0.01866 mM  
Fe
+++
 Equilibrium with Fe(OH)3  
Na
+
 10.85 mM  
Ca
++
 5.79 mM  
Mg
++
 4.536 mM  
Cl
-
 5.375 mM  
SO4
--
 8.5 mM  
H2S(aq) 0.0 mM  
CO2(aq) 9.5 mM 11.0 mM (first injection) 
Acetate 0.0 mM 5.0 mM 
SiO2(aq) 0.43 mM  
O2(aq) 15.6×10
-3
 mM  
NH4
+
 1.5 mM  
NO3
-
 0.0 mM  
Br
-
 0.0 mM 2.0 mM  
UO2
++
 6.97×10
-4
 mM  
U
++++
 0.0 mM  
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Table 3. Secondary species (equilibrium reactions) included in the Rifle CrunchTope model 
Secondary Species Mass Balance Equations log(K25°C)
a
 
OH
-
 H2O →  H
+
 + OH
-
 14.9398 
HCO3
-
 H
+
 + HCO3
-
 → H2O + CO2(aq) -6.5804 
CO3
--
 HCO3
-
 → H+ + CO3
--
 10.3288 
FeOH
+
 Fe
++
 + H2O → H
+
 + FeOH
+
 9.5 
FeS(aq) Fe
++
 + H2S(aq) → 2H
+
 + FeS(aq) 9.2 
FeCO3(aq) Fe
++
 + HCO3
-
 → H+ + FeCO3(aq) 5.5988 
CaOH
+
 Ca
++
 + H2O → H
+
 + CaOH
+
 12.85 
CaCO3(aq) Ca
++
 + HCO3
-
 → H+ + CaCO3(aq) 7.0017 
CaSO4(aq) Ca
++
 + SO4
--
 → CaSO4(aq) -2.1111 
CaHCO3+ Ca
++
 + HCO3
-
 → CaHCO3+ -1.0467 
MgCO3(aq) HCO3
-
 + Mg
++
 → H+ + MgCO3(aq) 7.3499 
MgCl
+
 Cl
-
 + Mg
++
 → MgCl+ 0.1349 
MgSO4(aq) Mg
++
 + SO4
--
 → MgSO4(aq) -2.4117 
Acetic acid(aq) Acetic acid(aq) → H
+
 + Acetate 4.7572 
HS
-
 H
+
 + HS
-
 → H2S(aq) -6.9877 
S
--
 HS
-
 → H+ + S-- 12.9351 
NH3(aq) H
+
 + NH3(aq) → NH4
+
 -9.241 
    
Ca2UO2(CO3)3(aq) 2Ca
++
 + UO2
++
 + 3CO3
--
 → Ca2UO2(CO3)3(aq) -30.7
b
 
CaUO2(CO3)3
--
 Ca
++
 + UO2
++
 + 3CO3
--
 → CaUO2(CO3)3
--
 -27.18
b
 
MgUO2(CO3)3
--
 Mg
++
 + UO2
++
 + 3CO3
--
 → MgUO2(CO3)3
--
 -26.11
c
 
UO2(CO3)3
----
 UO2
++
 + 3CO3
--
 → UO2(CO3)3
----
 -21.84 
UO2(CO3)2
--
 UO2
++
 + 2CO3
--
 → UO2(CO3)2
--
 -16.61 
UO2(SO4)2
--
 UO2
++
 + 2SO4
--
 → UO2(SO4)2
--
 -3.9806 
UO2SO4(aq) SO4
--
 + UO2
++
 → UO2SO4(aq) -3.0703 
UO2NO3
+
 NO3
-
 + UO2
++
 → UO2NO3
+
 -0.2805 
UO2CO3(aq) HCO3
-
 + UO2
++
 → H+ + UO2CO3(aq) 0.6634 
(UO2)2OH
+++
 H2O + 2UO2
++
 → H+ + (UO2)2OH
+++
 2.7072 
UO2OH
+
 H2O + UO2
++
 → H+ + UO2OH
+
 5.2073 
(UO2)2(OH)2
++
 2H2O + 2UO2
++
 → 2H+ + (UO2)2(OH)2
++
 5.6346 
(UO2)3(CO3)6
6-
 3UO2
++
 + 6HCO3
-
 → 6H+ + (UO2)3(CO3)6
6-
 8.0601 
(UO2)3O(OH)2(HCO3)
+
 HCO3
-
 + 3H2O +3UO2
+→4H++ (UO2)3O(OH)2(HCO3)
+
 9.7129 
UO2(OH)2(aq) UO2
++
 + 2H2O → 2H
+
 + UO2(OH)2(aq) 10.3146 
(UO2)2CO3(OH)3
-
 HCO3
-
 + 2UO2
++
 + 3H2O → 4H
+
 + (UO2)2CO3(OH)3
-
 11.2229 
(UO2)3(OH)4
++
 3UO2
++
 + 4H2O → 4H
+
 + (UO2)3(OH)4
++
 11.929 
(UO2)3(OH)5
+
 3UO2
++
 + 5H2O → 5H
+
 + (UO2)3(OH)5
+
 15.5862 
UO2(OH)3
-
 UO2
++
 + 3H2O → 3H
+
 + UO2(OH)3
-
 19.2218 
(UO2)4(OH)7
+
 4UO2
++
 + 7H2O → 7H
+
 + (UO2)4(OH)7
+
 21.9508 
(UO2)11(CO3)6(OH)12
--
 6HCO3
-
 + UO2
++
 + 2H2O → 8H
+
 + (UO2)(CO3)6(OH)2
--
 25.7347 
(UO2)3(OH)7
-
 3UO2
++
 + 7H2O → 7H
+
 + (UO2)3(OH)7
-
 31.0508 
UO2(OH)4
--
 UO2
++
 + 4H2O → 4H
+
 + UO2(OH)4
--
 33.0291 
a
 log(K) values for U species from Guillaumont et al. (2003) except where indicated 
b
 from Bernhard et al. (2001) 
c
 from Dong and Brooks (2006) 
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Table 4. Competitive ion exchange model. 
Species Keq 
H
+
 -4.9 
Na
+
 0.0 
Ca
++
 -0.9 
Mg
++
 -0.8 
 
Table 5. Mineral reactions included in the Rifle CrunchFlow Model 
Mineral Reactions log(K25°C) Rate log(mol/m
2
/s) 
C5H7O2NFe → C5H7O2NFe (s)
a
 -15 -2.0 
C5H7O2NSO4 → C5H7O2NSO4(s)
a
 -15 -2.0 
Ca
++
 + CO3
--
 → CaCO3 -8.4801 -6.7 
Fe
+++
 + 3H2O → 3H
+
 + Fe(OH)3 3 -9.43 
Fe
++
 + H2S(aq) → 2H
+
 + FeS(am)
b
 3.5 -7.0 
HCO3
-
 + Mg
++
 → H+ + MgCO3 2.7936 -7.4 
SiO2(aq) → Quartz -3.9993 -35.5 
2Fe
+++
 + H2S(aq) → 2Fe
++
 + 2H
+
 + S
0
 -21.1304 -4.0 
U
++++
 + 2H2O → 4H
+
 + Uraninite -4.8372 -16.0 
a
 Biomass 
b
 Major mineral phase recognized at the Rifle site is amorphous FeS, mackinawite (Bargar et 
al., 2013)
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Table 6. Microbial pathways included in the model. See section 3 for explanation. 
Mass Balance Equation KS
Ace
 
(M)
a
 
KS
TEA
 
(M)
b
 
Rate 
Constant
 
 
Keq Fraction into 
Cell Growth 
Catabolic      
0.125Acetate + 0.125 SO4
--
 + 
0.375 H
+
 → 0.125 H2S(aq) + 
0.25CO2(aq) 
5×10
-3 
10
-4 
54114
c
 5.577 0.08 
0.125Acetate + Fe
+++
(am) + 
0.25H2O → Fe
++
 + 0.875H
+
 
+ 0.25CO2(aq) 
1×10
-5
  -7.319
d
 0.5345 0.03 
0.125Acetate + 0.5 UO2
++
 + 
0.125 H
+
 → 0.5 U++++ + 
0.75H2O + 0.25CO2(aq) 
5×10
-4
 10
-6
 99.86
c
 6.0858 0 
Anabolic      
0.075 H
+
 + 0.125 Acetate + 
0.050 NH4
+
 → 
C5H7O2N(SO4 or Fe) 
   0  
a
 Half saturation of electron donating species
 
b
 Half saturation of electron accepting species
 
c
 Units of mol/kgw/yr 
d 
Units of log(moles/m
2
/s) 
 
Table 7. Summary of parameters varied to simulate various portions of the reactive transport 
model 
Portion of Reaction Network Parameters varied to simulate 
Non-reactive tracer (Br
-
) Pressure Gradient, Longitudinal Dispersion 
Major Ion Chemistry (Na
+
, Ca
2+
, Mg
2+
) Cation exchange capacity 
Microbial sulfate reduction Initial sulfate reducing biomass volume fraction, 
intrinsic microbial reduction rate 
Microbial iron reduction Initial iron reducing biomass volume, intrinsic 
microbial reduction rate, mackinawite precipitation 
rate, elemental sulfur precipitation rate 
Microbial uranium reduction Intrinsic uranium reduction rate, specific surface area 
of sorbing mineral phase, abiotic reduction rate; for 
final fits, U isotope data were used to constrain these 
fits as well (see text). 
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Table 8. Surface Complexation parameters included in the model 
Surface Complexation Parameters 
Sites Associated Mineral Phase 
Specific 
Surface 
Area (m
2
/g) 
Site Density 
(mol/m
2
) 
    >FeOH Fe(OH)3 4.5 3.84×10
-6 (a)
 
    >S(OH)2 Quartz 5.3
(d)
 3.84×10
-10 (b)
 
    >T(OH)2 Quartz 5.3 3.84×10
-6 
 
    
Mass Balance Equations log(K25°C)
c
 
    >FeOH → H+ + >FeO- 9.51 
    >FeOH + Fe
++
 → H+ + >FeOFe+ 5 
    >FeOH + Fe
++
 + H2O → H
+
 + >FeOFeOH2 11.96 
    >FeOH + H
+
 → >FeOH2
+
 -7.47 
    >S(OH)2 + UO2
++
 → H+ + >S(OH)UO2
+
 -7.92 
    >T(OH)2 + UO2
++
 → H+ + >T(OH)UO2
+
 -3.52 
    >S(OH)2 + UO2
++
 + 2HCO3
-
 → 4H+ + >S(OH)UO2(CO3)2
---
 15.2 
    >T(OH)2 + UO2
++
 + 2HCO3
-
 → 4H+ + >T(OH)UO2(CO3)2
---
 20 
a
 as suggested by Davis and Kent (1990) 
b
 from Hyun et al. (2009) 
c
 U surface complexation model developed by Hyun et al. (2009), Fe
++
 complexation model 
values reported by Yabusaki et al. (2011) 
d
 This value is on the higher end of measurements of Rifle sediment surface area, and may 
over-predict its sorption capacity—discussed further in results and discussion section 
 
Table 9. Summary of parameter values after re-optimization for the 50% and 80% no-flow 
models 
Parameter Units Initial 50% 80% 
U bioreduction rate mol/kgw/yr 99.8 307.8 246.7 
U abiotic reduction rate mol/kgw/yr 63000.0 15146.3 14505.6 
Advective zone specific surface area m
2
/g 5.3 10.5 5.7 
No-flow zone specific surface area m
2
/g 5.3 16.0 6.0 
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